Abstract. There is much interest in biogeochemical processes that occur at the interface between soils and streams since, at the scale of landscapes, these habitats may function as control points for fluxes of nitrogen (N) and other nutrients from terrestrial to aquatic ecosystems. Here we examine whether a thermodynamic perspective can enhance our mechanistic and predictive understanding of the biogeochemical function of soil-stream interfaces, by considering how microbial communities interact with variations in supplies of electron donors and acceptors. Over a two-year period we analyzed Ͼ1400 individual samples of subsurface waters from networks of sample wells in riparian wetlands along Smith Creek, a first-order stream draining a mixed forested-agricultural landscape in southwestern Michigan, USA. We focused on areas where soil water and ground water emerged into the stream, and where we could characterize subsurface flow paths by measures of hydraulic head and/or by in situ additions of hydrologic tracers.
Abstract. There is much interest in biogeochemical processes that occur at the interface between soils and streams since, at the scale of landscapes, these habitats may function as control points for fluxes of nitrogen (N) and other nutrients from terrestrial to aquatic ecosystems. Here we examine whether a thermodynamic perspective can enhance our mechanistic and predictive understanding of the biogeochemical function of soil-stream interfaces, by considering how microbial communities interact with variations in supplies of electron donors and acceptors. Over a two-year period we analyzed Ͼ1400 individual samples of subsurface waters from networks of sample wells in riparian wetlands along Smith Creek, a first-order stream draining a mixed forested-agricultural landscape in southwestern Michigan, USA. We focused on areas where soil water and ground water emerged into the stream, and where we could characterize subsurface flow paths by measures of hydraulic head and/or by in situ additions of hydrologic tracers.
We found strong support for the idea that the biogeochemical function of soil-stream interfaces is a predictable outcome of the interaction between microbial communities and supplies of electron donors and acceptors. Variations in key electron donors and acceptors (NO 3 Ϫ , N 2 O, NH 4 ϩ , SO 4 2Ϫ , CH 4 , and dissolved organic carbon [DOC]) closely followed predictions from thermodynamic theory. Transformations of N and other elements resulted from the response of microbial communities to two dominant hydrologic flow paths: (1) horizontal flow of shallow subsurface waters with high levels of electron donors (i.e., DOC, CH 4 , and NH 4 ϩ ), and (2) near-stream vertical upwelling of deep subsurface waters with high levels of energetically favorable electron acceptors (i.e., NO 3 Ϫ , N 2 O, and SO 4 2Ϫ ). Our results support the popular notion that soil-stream interfaces can possess strong potential for removing dissolved N by denitrification. Yet in contrast to prevailing ideas, we found that denitrification did not consume all NO 3 Ϫ that reached the soil-stream interface via subsurface flow paths. Analyses of subsurface N chemistry and natural abundances of ␦ 15 N in NO 3 Ϫ and NH 4 ϩ suggested a narrow near-stream region as functionally the most important location for NO 3 Ϫ consumption by denitrification. This region was characterized by high throughput of terrestrially derived water, by accumulation of dissolved NO 3 Ϫ and N 2 O, and by low levels of DOC. Field experiments supported our hypothesis that the sustained ability for removal of dissolved NO 3 Ϫ and N 2 O should be limited by supplies of oxidizable carbon via shallow flowpaths. In situ additions of acetate, succinate, and propionate induced rates of NO 3 Ϫ removal (ϳ1.8 g N·m ) that were orders of magnitude greater than typically reported from riparian habitats. We propose that the immediate near-stream region may be especially important for determining the landscape-level function of many riparian wetlands. Management efforts to optimize the removal of NO 3 Ϫ by denitrification ought to consider promoting natural inputs of oxidizable carbon to this near-stream region.
INTRODUCTION
The question of how nutrients and elements move within heterogeneous landscapes is of fundamental im- Manuscript received 7 August 1996; revised 15 March 1997; accepted 7 April 1997. portance to ecology (Pickett and Cadenasso 1995) . Knowledge of mechanisms that control magnitudes and paths of nutrient flux between different ecosystems translates directly into better ways to predict and manage effects of human activities within landscapes. Such knowledge is also of basic importance because it helps N TRANSFORMATIONS IN RIPARIAN WETLANDS ecologists understand how ecosystem processes are coupled at the scale of entire landscapes. Of particular interest are habitats that display disproportionately high rates of biogeochemical activity. Such habitats can serve as ''control points'' within landscapes by affecting the amounts and/or forms of nutrients that are transported along paths of nutrient flux.
The soil-stream interface is perhaps the most obvious and important control point along paths of nutrient flux from terrestrial to aquatic ecosystems (e.g., Lowrance et al. 1984a , b, Peterjohn and Correll 1984 , Jacobs and Gilliam 1985a , b, Cooper 1990 , Groffman et al. 1991 , Triska et al. 1993a , b, Hanson et al. 1994 , Jansson et al. 1994 , Hill 1996 . Biogeochemical transformations at this interface can affect the degree to which processes in terrestrial ecosystems are translated into changes in the chemistry of surface waters. This unique biogeochemical importance of soil-stream interfaces results from the interaction of two key properties: an unusually high potential for biogeochemical transformations in near-stream riparian wetlands (e.g., Lowrance et al. 1984b , Cooper 1990 , Lloyd 1993 , Triska et al. 1993a , and the interception and rapid throughput of water and nutrients from the surrounding terrestrial watershed (e.g., Freeze and Cherry 1979 , Hill 1991 , Hill and Waddington 1993 . In fact, soil-stream interfaces are within many watersheds positioned so that terrestrially derived water necessarily passes through this interface before emerging as surface water (Likens et al. 1977) .
Over the past two decades there has been much interest in how biogeochemical processes that occur at soil-stream interfaces within riparian wetlands can act to reduce or ''buffer'' losses of N from terrestrial to aquatic ecosystems (e.g., Lowrance et al. 1984b , Peterjohn and Correll 1984 , Jacobs and Gilliam 1985a , b, Warwick and Hill 1988 , Cooper 1990 , Groffman et al. 1991 , Simmons et al. 1992 , Haycock and Pinay 1993 , Jordan et al. 1993 , Paterson and Schnoor 1993 , Triska et al. 1993a , b, Hanson et al. 1994 , Jansson et al. 1994 , Vought et al. 1994 , Groffman et al. 1996 . Improved knowledge about these processes holds the prospect of better management of landscapes, which, in turn, could lead to reduced diffusesource inputs of N to surface waters from agricultural, urban, and atmospheric pollution sources.
Several processes can retain or remove N as subsurface water flows through soil-stream interfaces. Plant uptake and/or microbial immobilization is often thought to be of lesser long-term significance since biotic N pools become saturated over time and since immobilized N is eventually re-released to solution by microbial mineralization (but see Paterson and Schnoor 1993, Pinay et al. 1995) . Dissolved N can be lost in gaseous forms (as NO and N 2 O) during nitrification in soils (e.g., Firestone and Davidson 1989 , Matson and Vitousek 1995 , but this process is also not a likely long-term buffer of N losses because it is invariably associated with strong production of hydrologically mobile NO 3 Ϫ -a form of N that is readily lost to downstream ecosystems (see Hedin 1994 , Holmes et al. 1994 . More attention has focused on microbial denitrification since this process in theory can yield strong and sustained transformations of dissolved N into gaseous forms (mainly as N 2 and N 2 O) within wetland environments, as long as conditions remain favorable for the appropriate microbial communities (Lloyd 1993) .
Field studies have generally supported the idea of soil-stream interfaces as potential control points for N transformations within landscapes. Rates of actual and potential denitrification can be exceptionally high in anoxic environments at soil-stream interfaces (e.g., Cooper 1990 , Lowrance 1992 , Schipper et al. 1993 , Hanson et al. 1994 , Pinay et al. 1995 and can be accompanied by strong reductions in NO 3
Ϫ along subsurface flow paths , 1995 . Some studies have furthermore demonstrated that soil-stream interfaces can remove substantial amounts of NO 3
Ϫ that is added experimentally in the field (Groffman et al. 1991 (Groffman et al. , 1996 . Regional-scale evidence comes from a recent study of large watersheds in North America and Europe, in which Howarth et al. (1996) found that the majority (ϳ75%) of N inputs by atmospheric deposition and fertilizer could not be accounted for by hydrologic outputs in rivers. Howarth et al. conclude that such imbalances in the N budget might reflect, in addition to some limited retention of N in aggrading forest areas, that substantial quantities of N are lost via denitrification processes in habitats such as riparian wetlands.
Yet, strong N removal is by no means a universal property of soil-stream interfaces. Hill (1996) notes that N transformations vary considerably among different soil-stream interfaces, with many examples of weak to non-existent removal of dissolved N (also see Warwick and Hill 1988 , Devito et al. 1989 , Correll 1991 , Hill 1991 , Phillips et al. 1993 , Jacks et al. 1994 , Jones and Holmes 1996 and in some cases even net production of NO 3 Ϫ due to nitrification processes (cf. Holmes et al. 1994 , Jones et al. 1995a . Two recent reviews (Hill 1996, Jones and Holmes 1996) have argued that our ability to predict the extent to which different soil-stream interfaces can function to buffer N flux depends on better understanding of how biogeochemical processes are linked to hydrologic properties such as water flow paths. However, such understanding has been difficult to develop, to a great degree because soil-stream interfaces often are exceptionally variable environments for both microbial and hydrologic processes (e.g., Fisher 1984, Jones and Holmes 1996) . For example, the chemistry of subsurface soil waters and ground waters can change several-fold over distances of less than a few meters (Hill 1990 , Dahm et al. 1991 , Hendricks and White 1991 
Notes: G is the Gibbs free energy of a chemical reaction; G 0 indicates standard conditions, i.e., 25ЊC and atmospheric pressure, and the added prime stipulates pH ϭ 7. R is a constant for the number of joules per mole of reaction; T ϭ temperature in degrees Kelvin; [H ϩ ] C is the molar concentration of hydrogen ions raised to the C power. Adapted from Morel and Hering (1993) , Champ et al. (1979) , and Stumm and Morgan (1981) . McDowell et al. 1992 , Holmes et al. 1994 , Groffman et al. 1996 . Equally strong variations can be found in microbial processes (Cooper 1990 , Lowrance 1992 , Schipper et al. 1993 , Jones 1995 , Jones et al. 1995a ) and in the paths by which subsurface waters moves between soil and stream environments (Hill 1990 , Bencala 1993 , Harvey and Bencala 1993 , Valett et al. 1994 , Jones et al. 1995b , Hill 1996 .
Here we evaluate whether this strong biogeochemical variability can be understood mechanistically by adopting a thermodynamic approach. We consider spatial and temporal variations in water chemistry, hydrology, and stable N isotopes in two riparian wetlands where significant amounts of terrestrially derived water emerged into a stream, and to a lesser degree in nine additional wetlands along the same stream. We base our analysis on a thermodynamic perspective of microbial metabolism: that activities of broad functional groups of microbial populations (e.g., denitrifiers, sulfate reducers, or methanogens) are constrained by patterns of supply of electron donors and acceptors (Stumm and Morgan 1981 , Lovely and Phillips 1987 , Correll and Weller 1989 , Chapelle and Lovely 1992 , Morel and Hering 1993 . We seek to integrate biogeochemical and hydrologic information by examining how supplies in electron donors and acceptors depend on variations in subsurface flow paths. We focus on understanding N transformations and apply measures of natural ␦ 15 N stable isotope abundances to resolve locations and the relative importance of denitrification vs. nitrification processes. Based on water-chemistry trends we hypothesize that supply of electron donors (as oxidizable DOC [dissolved organic carbon]) ultimately limits removal of N via denitrification; we test this hypothesis by in situ experimental additions of DOC to soil-stream interfaces.
We investigate a specific area within riparian wetlands: the interface between soils and streams (i.e., ''soil-stream interface''). Our studies are based on the idea that soil-stream interfaces that intercept terrestrially derived water are important control points for nutrient flux from terrestrial to aquatic ecosystems. This perspective (cf. McClain et al. 1994 ) differs importantly from studies that consider nutrient transport in the opposite direction: from stream water into the ''hyporheic zone'' of stream sediments, during which additional biogeochemical transformations can occur (e.g., Grimm and Fisher 1984 , Bencala 1993 , Harvey and Bencala 1993 , Triska et al. 1993a , b, Findlay 1995 , Valett et al. 1995 .
Thermodynamic constraints on microbial metabolism
Microbial metabolism depends on the use of electron donors and electron acceptors in redox reactions that generate energy for growth and maintenance (Zehnder and Stumm 1988, Morel and Hering 1993) : (Tiedje 1988) . These ideal predictions may not always be realized in natural environments due to nonequilibrium conditions or variations in concentrations of reactants and products. Adapted in part from Stumm and Morgan (1981). in natural habitats (Stumm and Morgan 1981 , Lovely and Phillips 1987 , Chapelle and Lovely 1992 , Morel and Hering 1993 . Such thermodynamically based predictions depend on the assumption that, in a given environment, the metabolic reaction that yields most energy will dominate over any competing reactions (e.g., Zehnder and Stumm 1988, Morel and Hering 1993) . While the mechanistic reason for such competitive exclusion is not entirely clear, it appears that microbes that can extract energy at higher rates from their environment also are better competitors (higher affinity and/or greater maximal rate of consumption) for limited supplies of electron donors or electron acceptors (Kristjansson and Schö nheit 1983 , Robinson and Tiedje 1984 , Lovely and Phillips 1987 , Chapelle and Lovely 1992 .
In Fig. 1 we show how microbial processes, and concentrations of selected nutrients and elements, are predicted to change as a function of redox state of the environment, expressed as p. From the progressive decrease in energy yield of different electron acceptors we expect the following sequence as an environment becomes increasingly reduced due to microbial consumption of electron acceptors (i.e., p decreases from right to left in Fig. 1): (1) Loss of O 2 (aerobic respiration); (2) loss of NO 3 Ϫ (denitrification); (3) loss of SO 4 2Ϫ (sulfate reduction); and (4) accumulation of CH 4 (methane fermentation). We have not explicitly considered Mn and Fe since our study focuses on nitrogen, carbon, and sulfur. Conversely, as an environment becomes increasingly oxidized (i.e., p increases from left to right in Fig. 1 ), we expect the following sequence: (5) Loss of CH 4 (methane oxidation); (6) accumulation of SO 4 2Ϫ (sulfate oxidation); (7) loss of NH 4 ϩ and accumulation of NO 3 Ϫ (nitrification). The approximate regions of the different microbial reactions are identified by arrows in Fig. 1 (adapted from Stumm and Morgan 1981) .
This sequence of change in chemistry ( Fig. 1 ) applies to many freshwater and soil environments but is not universally applicable because energy yields depend not only on the form of electron donors and acceptors (Table 1) but also on the concentrations of reactants and products in Expression 1. For example, sulfate reducers may not always out-compete methanogens in environments with high pH, high sulfide, and very low concentrations of sulfate (Morel and Hering 1993 ; also see Howarth 1993 ), yet such conditions are not relevant for this study (Lovely and Klug 1983) . It is difficult from a practical perspective to clearly separate methane oxidation from sulfide oxidation because both reactions have very close energy yields (Table 1) , which makes the relative location of these processes in Fig. 1 sensitive to variations in local chemical conditions. It is also difficult to derive exact predictions for trends in dissolved organic carbon (DOC) in Fig. 1 because DOC is a summary measure of various forms of dissolved organic molecules that differ in propensity to donate electrons. Nevertheless since DOC acts as the dominant electron donor for many of the processes depicted in Fig. 1 (Table 1) we expect an overall trend of decreasing DOC concentrations as the environment becomes more oxidized (left to right in Fig. 1) , as indicated by DOC in the form of succinate in Fig. 1 .
Specific predictions
We used Fig. 1 donors (DOC), and on competing electron acceptors (SO 4 2Ϫ and methanogenesis; our data on O 2 are limited). We evaluated the following predictions along the redox gradient from near-stream oxidized to inland reduced environments (right to left in Fig. 1 
METHODS AND SITE DESCRIPTION

Study area
Our study sites were located along Smith Creek, a first-order stream in the Augusta Creek drainage basin of southwestern Michigan, USA (Hedin and Brown 1994) . The land use of the surrounding landscape is varied and includes agriculture, pasture, oldfields, woodlands, and wetlands. Our study sites are dominated by sedges and grasses, and are surrounded by oak-hickory forest. The area is underlain by thick deposits of glacial till and outwash, and streamwater chemistry is strongly influenced by the weathering of sandstone, shale, and limestone. The water of Smith Creek is hard, basic (pH range: 7.6-8.5; n ϭ 32 sample dates), and contains significant amounts of sulfate (4.5-15.6 mg/L; n ϭ 70 sample dates), chloride (2.1-4.8 mg/L; n ϭ 71 sample dates) and base cations (Hedin and Brown 1994) . While Smith Creek drains mainly second-growth forests and wetlands, agricultural areas are present within the topographic drainage basin.
Houghton muck soils dominate along Smith Creek and well-drained Oshtemo sandy loam soils are common in upland areas. We found near-stream soils to consist of a highly organic upper horizon (0-5 cm, ϳ20% C), a mixed organic-inorganic sand horizon (5-60 cm, 2-15% C), and a deeper inorganic sand horizon (Ͼ60 cm). The top organic horizon contained mainly fine (Ͻ0.5 mm) organic particles with low C:N ratios (ratio ϭ 13.9 Ϯ 0.7 [mean Ϯ 1 SD]; n ϭ 13 soil samples), apparently derived from aged and well-decomposed organic matter. Below the organic horizon was alluvially deposited sand with low clay content to a depth of at least 100 cm. We interpret this overall horizontal zonation to reflect sand and organic matter deposited by recent fluvial activity (5-60 cm depth), underlain by sand with little or no organic matter deposited by Pleistocene fluvio-glacial processes.
Well and piezometer transects
Installation of shallow wells along transects from inland to near-stream environments permitted us to sample subsurface water as it moved across the soilstream interface. We installed well transects at 11 different sample areas along the stream. Nine of these areas were in hydrologically ''gaining'' reaches; that is, they showed net influx of water from the soil to the stream. We focused our more detailed chemical and hydrologic studies on two riparian wetland areas with strong influx of soil-and ground water into the stream, and which we developed more extensively into ''well fields'' by installing networks of permanent wells over ϳ8-12 m 2 of soil area. Field 1 consisted of 5 parallel transects of 6 wells, each transect spanning 4 m perpendicularly across the soil-stream interface ( Fig. 2A) . Because of weak gradients in water tables along the stream we were able to sample water within specific N TRANSFORMATIONS IN RIPARIAN WETLANDS strata by placing inlet ports at depths measured below the soil surface; ports at 20 and 40 cm depth captured water moving through the mixed organic-inorganic horizon (5-60 cm depth) and at 100 cm depth captured water in the deeper inorganic horizon (Ͼ60 cm depth). Wells had average inlet port depths (depth at which sample is collected; see below) at 20 cm (n ϭ 30), 40 cm (n ϭ 30) and 100 cm (n ϭ 6) below the soil or sediment surface of Field 1. Field 2, located 14 m downstream and on the opposite side of the stream from Field 1, consisted of 4 transects of 6 wells spanning 3.5 m across the soil-stream interface, with inlet ports at 40 cm depth below the soil or sediment surface. The nested design of Field 1 provided detailed horizontal and vertical chemical, isotopic, and hydrologic information, and we sampled seven dates during the summer of 1993 (3363 separate chemical analyses of 601 individual water samples). In addition to isotopic and hydrologic information, Field 2 provided an extended record of subsurface water chemistry over 38 dates from October of 1991 to October of 1993 (3469 analyses of 693 samples). Field 3 and the eight additional transects furnished only limited chemical and hydrologic information during the summer of 1993 (1-3 sample events; 424 analyses of 126 samples). In addition, Field 1 was the site of experimental DOC additions (see Experimental carbon additions, below) and both Fields 1 and 2 received experimental Br Ϫ additions to trace flow paths ( Fig. 2A) .
We constructed wells from 19 mm (inner diameter [ID]) polyvinyl chloride PVC pipes with inlet ports made from a series of 3-mm-diameter holes located over a 10-cm-deep area at the bottom end of the pipe. The wells extended 20-30 cm below the inlet port to ensure collection of sufficient sample volume after wells were purged (described below). We could also use these wells as piezometers for measures of hydraulic head relative to a permanent reference point (Freeze and Cherry 1979) since they were sealed except for at the inlet port. We installed wells with a sharpened steel tube corer and minimized contamination from organic soil horizons by shielding well pipes inside a second, clean, steel tube as they were lowered into position. Wells were in firm contact with surrounding soils and sediments and were capped by rubber stoppers between sample events.
Sampling and analysis of solutes and gases
This study covers 2 yr of chemical sampling (6 November 1991 -29 October 1993 ) at varying frequencies depending on dissolved constituents, season, and whether samples were associated with any experimental treatment. Before sampling we purged each well using a hand-operated pump to allow fresh subsurface water to enter the bottom of the well. Water samples were withdrawn using polypropylene syringes and tygon tubing (ϳ3.1-mm ID), were filtered immediately through pre-rinsed Gelman A/E glass fiber filters (Ͻ1 m nominal pore size, tested in our laboratory), stored in polyethylene bottles, and kept on ice until refrigerated (generally Ͻ3 h). Sample bottles, syringes, filter holders, and tubing were acid washed and leached with excess deionized water. The most sensitive non-gaseous solutes (NH 4 ϩ , NO 3 Ϫ , DON, and DOC) were analyzed within a few days, and were only at rare occasions refrigerated up to 3 wk before analysis. Tests in our laboratory showed that, when filtered immediately in the field, non-gaseous solutes were stable for Ͼ3 wk in capped and refrigerated sample bottles. Sulfate, Cl Ϫ , NO 3 Ϫ , and Br Ϫ were analyzed on a Dionex Ion Chromatograph using chemically suppressed conductivity detection and a Dionex AS4A column. Ammonium and Si were analyzed by Alpkem automated colorimetry (Alpkem 1992a, b) ; pH by potentiometry using a Ross electrode (Analytical Technology, San Diego, California, USA); DOC by Ionics (Watertown, Massachusetts, USA) high-temperature (850ЊC) platinum-catalyst combustion; DON by high-temperature (120ЊC) persulfate digestion with subsequent analysis of NO 3 Ϫ by cadmium reduction colorimetry (Alpkem 1992c; modified from McDowell et al. 1987 and D'Elia et al. 1977) . Persulfate digestion efficiency was tested against amino acid, NO 3 Ϫ , and NH 4 ϩ standards and by ensuring that all detectable DOC was digested, using a post-digestion DOC analysis as described above. Method detection limits were:
.002 mg/L. For concentrations below these limits, we assigned a value of half the detection limit.
We modified the syringe method to collect water for dissolved N 2 O and CH 4 analysis. We used a smaller diameter (2.3-mm ID) sample tube to minimize losses of gas that might occur across the air-water interface of the leading edge of sample water in the sample tube. Our laboratory tests with solutions of saturated concentrations of N 2 O and CH 4 showed that, after complete expulsion of ambient air from this syringe-tube system, three rinses with 5 mL of sample was sufficient to prohibit any significant (at P Ͻ 0.05; t test) loss of N 2 O or CH 4 . In the field we used 10-mL polypropylene syringes that were connected to sample tubes and rinsed (3 times, with 5 mL) before the collection of each 5-mL sample. Syringes were sealed by three-way nylon Pharmaseal valves, transported on ice in a cooler, equilibrated to room temperature in the laboratory, and analyzed within 4 h from the time of sampling. Linearregression analysis showed no significant loss in N 2 O (at 8.2 L/L: P Ͼ 0.22; n ϭ 10) or CH 4 (at 180 L/L: P Ͼ 0.26; n ϭ 18) from syringes during 5 h of storage in our laboratory environment. In the laboratory we added 5 mL of nitrogen gas head space to the syringes, shook vigorously for ϳ2 min, and analyzed the head space gas on a Hewlett Packard 5980 Series 2 gas chromatograph with Poropak-Q column and flame ionization detector (CH 4 ) or electron capture detector (N 2 O). Dissolved concentrations of CH 4 and N 2 O were calculated from air-water Bunsen equilibrium coefficients (American Public Health Association 1992). Water for dissolved O 2 was collected directly into borosilicate glass syringes and reagents for a modified micro-Winkler technique (Wetzel and Likens 1991) were immediately added in the field.
Analysis of flow paths and hydrology
We characterized paths of subsurface water flow both by direct measures of hydraulic heads (using sample wells as piezometers) and by following movements of in situ injections of a Br Ϫ conservative tracer (as NaBr; Hedin et al. 1990 ). Positions of piezometers were surveyed with a transit level in Field 1 and a level beam in Field 2. We determined water levels relative to a reference point (i.e., measures of hydraulic head) by lowering a graduated rod into piezometers and noting the change in electrical resistance of a circuit attached to this rod. The nested design of the network of piezometers in Field 1 allowed us to discern both horizontal and vertical components of subsurface water flow (Freeze and Cherry 1979) . We evaluated distributions of hydraulic head throughout Field 1 on four occasions: August of 1993, and May, June, and July of 1994. We also measured hydraulic heads in Field 2 at 13 occasions during June-August of 1992, and sporadically in Field 3 and the eight additional single-well transects. Our quantitative analyses focus on Field 1, yet results from hydraulic-head distributions (all well fields and transects) and Br Ϫ tracer additions (Fields 1 and 2) did not differ greatly between the different soilstream interfaces considered in this study (see Results).
We used Br Ϫ tracer additions for in situ estimates of subsurface water velocities and hydraulic conductivity. We added Br Ϫ to subsurface waters of Field 1 either as one-time pulse additions into sample wells, or as longer-term (Ͻ30 d) continuous additions from Mariotte bottles (Hedin et al. 1990 ) during carbon fertilizations (see below) into injection wells located between rows 2 and 3, or 3 and 4 (locations identified by triangles in Fig. 2A ). To prevent any disturbance of natural paths of subsurface water flow we minimized volumes (Ͻ10 mL) of tracer pulses and minimized tracer delivery rates (Ͻ3 mL/min) from Mariotte bottles. Addition solutions were relatively concentrated (10 000 mg/L Br Ϫ for single injections; 1000 mg/L for continuous injections) to offset the strong and immediate dilution that occurred as small tracer volumes were introduced into rapidly moving (1-10 cm/h) subsurface waters. We labeled a larger volume of subsurface water by adding a single 3-L pulse of 100 mg/L Br Ϫ -labeled water to well C4 in Field 2, thus creating a temporary (Ͻ8 h) influx of tracer-labeled water into subsurface water around this well. We subsequently monitored the distribution of Br Ϫ throughout Field 2 over 80 d. We calculated subsurface water velocity by dividing the linear distance traveled by the peak in Br Ϫ concentration by the travel time of the pulse. We monitored Br Ϫ in a downflow well approximately every 10 min. We then calculated hydraulic conductivity (K, in meters per second) from Darcy's law as the product of subsurface water velocity (v, in meters per second) and effective porosity (n, dimensionless) divided by the observed gradient in hydraulic head along the flow path (G ϭ Ϫ⌬h/⌬l where ⌬h is hydraulic head differential and ⌬l is distance between two locations, both measured in meters) (Freeze and Cherry 1979 , Harvey and Bencala 1993 , Smith and Wheatcraft 1993 :
We used total porosity as an approximate measure of effective porosity (n), by drying known volumes of saturated sediment collected with a 2.54-cm-diameter corer over 0-20 cm depth, and by dividing the volumetric water content by total sample volume (Freeze and Cherry 1979) . Our analyses do not consider effects of anisotropy on K. We used daily average flow data from a U.S. Geological Survey gauging station located ϳ4 km downstream of Smith Creek to approximate hydrologic variations at our study sites.
Experimental carbon additions
In August of 1993 we evaluated experimentally whether denitrification was limited by the supply of oxidizable DOC to near-stream environments. We used Mariotte bottles (Hedin et al. 1990 ) connected to injection wells (Fig. 3 ) to introduce dissolved carbon substrates known to be used by denitrifying bacteria (acetate, succinate, and propionate; each totalling 100 mg/L of C in the addition solution) into subsurface flow paths within the soil-stream interface. We injected the DOC solution once at each of three replicated locations in Field 1, indicated by triangles between rows 2 and 3 in Fig. 2A . Sample wells were located at two depths along the subsurface flow paths: (1) equal to the injection well (40 cm), and (2) more shallow (20 cm) to accommodate for upwelling of subsurface waters near the soil-stream interface ( Fig. 3 and 2A) . We included Br Ϫ (1000 mg/L) in the injection solution to: (1) confirm exact path(s) of subsurface flow between injection and sample wells, and (2) calculate the extent to which subsurface water was diluted by the injection solution. We minimized such dilution by keeping Br Ϫ and DOC concentrations high in the injection solution; this permitted Ͻ3 mL/min delivery rate of injection solution from each Mariotte bottle into the soil-stream interface. While we sampled six downwater wells (deep and shallow in each transect), our Br Ϫ tracer information showed that only four wells were affected (A2, B2, and C2 shallow, and B2 deep). We collected water from sample wells (Fig. 3) 
where X is NO 3 Ϫ , N 2 O, or Cl Ϫ , [X predicted ] is the predicted concentration of X in the sample, and [X background ] is the concentration of X in the sample in absence of dilution by the injection solution. Throughout the experiment we estimated [X background ] for each sample from secondorder regressions of [X] vs. time that were fitted using the pre-and post-experiment concentrations of X in each sample well; regressions were all significant at P Ͻ 0.1 with r 2 values ranging from 0.45 to 0.97.
We examined the accuracy of this conservative tracer technique by evaluating whether Eq. 4 could accurately predict variations in Cl Ϫ that occurred over time in the different sample wells. We reasoned that Cl Ϫ , since it is a biologically conservative element, would be affected solely by dilution and thus should be accurately predicted by Eq. 4. In all four sample wells, predicted variations in Cl Ϫ did not differ significantly (P Ͼ 0.05; t test) from concentrations measured in sample wells ( Fig. 12A and Table 3 ). We concluded that Eq. 4 was successful at predicting dilution effects due to the injection solution.
Stable isotopic analyses
We analyzed N isotopes in Fields 1 and 2 during August 1992-November 1993. Samples were collected in acid-cleaned polyethylene bottles using the same syringe method as for dissolved nutrient sampling (described above). Samples were immediately preserved with mercuric chloride and frozen upon arrival at the laboratory (Ͻ3 h). Because subsurface waters could at times contain very low levels of NO 3 Ϫ and/or NH 4 ϩ we needed relatively large sample volumes (up to 250 mL) to provide enough mass of N (Ͼ40 mol) for isotopic analysis. We reasoned that 250 mL could not safely be withdrawn from a single well without modifying local subsurface flow, but instead chose to pool smaller sample volumes (Ͻ70 mL) from wells that were located at equal distances from the stream (i.e., located within the same row in Fig. 2A ). This pooling approach was based on the consistently similar chemistry that occurred at equal distances from the stream (see Results); our N isotope information thus reflects volume-weighted trends along a transect perpendicular to the soil-stream interface.
We analyzed isotopic abundances of N on a VG Prism stable isotope mass spectrometer, modified to permit analysis of down to 40 mol of N. Nitrate and NH 4 ϩ were extracted from water samples by a modified steam-distillation procedure Keeney 1966, Velinsky et al. 1989) . Ammonia was distilled following adjustment of pH to Ͼ10, and collected by an HCl trap. The NH 4 ϩ was bound on a zeolite molecular sieve (Union Carbide Ionsiv W-85) and combusted to N 2 gas by a modified Dumas procedure (Macko 1981) . Samples were oxidized at 850ЊC in evacuated ashed-quartz tubes with excess pre-combusted copper oxide and pure copper, cooled gradually overnight to prevent formation of carbon monoxide and nitrous oxides, and N 2 gas was separated cryogenically on a vacuum line for subsequent isotopic analysis. Nitrate was reduced to NH 4 ϩ by adding Devarda's alloy to the remaining sample and by shifting the pH to Ͼ10 with NaOH before a second distillation. The resulting NH 4 ϩ was treated as described above. Stable isotope ratios for N are expressed in per mil (‰) notation:
FIG. 4. Idealized example of statistical descriptions of concentration trends in SO 4
2Ϫ , NO 3 Ϫ , and DOC along the stream-to-inland transect. Lines indicate LOWESS fits to the concentration data. X identifies locations at which LOWESSpredicted concentrations are at the ''transition midpoint'' between maximum and minimum levels. X 1 , X 2 , and X 3 indicate distances of these 50% ''transition midpoints'' from the stream edge. In this example, the sequence of trends is
where R is the abundance ratio of heavy to light isotope, and atmospheric N 2 gas is the standard (0‰). Analytical precision of replicate samples was Ͻ1‰.
Statistical analysis of thermodynamic predictions and spatial trends
To evaluate whether variations in subsurface chemistry at our different sample sites followed our thermodynamic predictions (Fig. 1) , we fit locally weighted robust regressions (LOWESS, tension ϭ 0.5; see Wilkinson [1989] ) to measured concentrations along the soil-stream interfaces. We determined the location of steep transitions in levels of electron donors or acceptors as where the LOWESS-predicted concentration was at the 50% midpoint between maximum and minimum levels (Fig. 4) . These ''transition midpoints'' are operationally defined and represent our best approximation of the region of steep concentration change in a given electron donor or acceptor. In Fig. 4 we identify three such transition midpoints together with their distances from the stream edge along the interface (X 1 for NO 3 Ϫ , X 2 for SO 4 2Ϫ , and X 3 for DOC). This regression analysis permitted us to quantitatively test predictions of the sequence in which levels of electron donors and acceptors ought to change along the stream-to-inland gradient (right to left in Fig. 1 ). For example, our prediction (1)-that NO 3 Ϫ ought to decrease before SO 4 2Ϫ -translates into the quantitative statement that X 1 should be consistently less than X 2 (Fig. 4) at all sites and all dates. We applied LOWESS regressions (Wilkinson 1989) to chemical data from all sample events at all soil-stream interfaces. We used a onetailed z test (Snedecor and Cochran 1989) to evaluate whether the observed sequence of LOWESS trends followed our theoretical predictions; each prediction of the type X 1 Ͻ X 2 was compared against the null model of equal probability (i.e., P ϭ 0.5) of observing X 1 Ͻ X 2 vs. X 1 Ͼ X 2 . In some cases the LOWESS fit failed to approximate a clear monotonic trend from high to low concentrations; we scored such trends as failing our prediction. However, a few periods of high discharge were associated with consistently high SO 4 2Ϫ or low (Ͻ0.1 mg/L) NO 3 Ϫ -N across the soil-stream interface; these events were not scored as failing our predictions as long as they followed our thermodynamic expectations relative to other electron donors and acceptors. For example, consistently high SO 4 2Ϫ together with a reduction in NO 3
Ϫ along the soil-stream interface is consistent with our prediction (1), that NO 3 Ϫ ought to decrease before SO 4 2Ϫ . We used a split-plot ANOVA design to distinguish between spatial vs. temporal contributions to the observed variance of three principal solutes (NO 3 Ϫ , SO 4 2Ϫ , and DOC) in Field 2. Spatial variance was partitioned between contributions from the four different transects vs. from the six different rows, while temporal variance was estimated from 38 sample events over 2 yr (23 events for DOC). Analyses were performed on JMP IN 3.1.5 (Sall and Lehman 1996) .
RESULTS
Hydrologic flow paths
In Fig. 2B we show a cross-sectional distribution of hydraulic heads and predicted paths of subsurface water flow in Field 1. We consistently found two dominant paths of subsurface flow: (1) Rapid vertical upwelling of deeper groundwater immediately near the stream channel (path A in Fig. 2B ) with a vertical hydraulic gradient of approximately Ϫ2 to Ϫ3 mm/cm; and (2) weaker horizontal flow of shallow soil water parallel to the soil surface (path B in Fig. 2B) , with an average horizontal hydraulic gradient of approximately Ϫ0.4 to Ϫ0.7 mm/cm. Our measures of hydraulic head were too infrequent to quantify short-term variations in flow paths (e.g., storage in stream banks during storm events; Freeze and Cherry 1979 ), yet comparisons between four sample events during May to August in Field 1 indicated that the relative strength of vertical vs. horizontal flow paths remained stable: the hydraulic gradient along path A was consistently between 2 to 3 times greater than the gradient along path B.
Injections of Br Ϫ tracer in Field 1 (locations identified by ᭡ in Fig. 2A edge at velocities of ϳ9 cm/h (along path A in Fig.  2B ), together with weaker horizontal flow between wells at equal depth in the soil (path B in Fig. 2B ).
Based on a 30-d continuous injection of Br
Ϫ at 40-cm depth in transect B (20 cm from stream edge; Fig. 2) , we calculated that the injection well contributed only 5.5 Ϯ 0.01% (mean Ϯ 1 SE; n ϭ 12 events) to the water in the equally deep well at location B2 (at stream edge), yet contributed 29 Ϯ 0.03% (n ϭ 12 events) to the water in the shallow (20 cm) well at the same B2 location. Additional Br Ϫ injections at 40-cm depth in transects A and C also resulted in Br Ϫ moving predominately to shallow rather than deep sample wells at locations A2 and C2. Additions of Br Ϫ tracer to wells in Field 2 showed that shallow (20-cm depth) subsurface water moved horizontally toward the stream at velocities ranging between ϳ0.4 and 0.9 cm/hr, and identified strong and more rapid upwelling in areas near the stream edge. Based on Br Ϫ tracer injections and measures of sediment porosity (X ϭ 42%) we calculated the in situ hydraulic conductivity of the mixed inorganic-organic horizon as ϳ6.9 ϫ 10 Ϫ3 cm/s, a value that is representative for high-conductivity sand or gravel substrates (e.g., Smith and Wheatcraft 1993).
Horizontal trends in subsurface water chemistry
We found strong variations in the chemistry of subsurface waters within our different study sites in Smith Creek. For example, several nutrients (NO 3 Ϫ , NH 4 ϩ , SO 4 2Ϫ , and DOC [dissolved organic carbon]) ranged more widely in concentrations within the 8-m 2 area of Field 1 than within stream waters of the entire 70-km 2 Augusta Creek drainage basin (14 sample sites over 1 yr; Hedin and Brown 1994) . Our results revealed that these chemical variations were highly organized within each soil-stream interface, with steepest changes in concentrations occurring along our sampling transects in a direction perpendicular to the stream (specific sources of variation are examined in Temporal vs. spatial variations . . . , below). In Fig. 5 we show an example of how the chemistry of subsurface waters changed across our transects: electron acceptors (O 2 , NO 3 Ϫ , N 2 O, and SO 4 2Ϫ ) were elevated in near-stream environments while electron donors (NH 4 ϩ , DOC, and CH 4 ) were elevated in more inland environments. This spatial segregation of electron donors and acceptors was linked to different paths of subsurface flow (Fig.  2B ): near-stream environments received inputs of deep and oxidized groundwater, while inland environments were primarily fed by shallow inputs of reduced soil water.
We used the stream-to-inland gradient in redox conditions to examine our thermodynamic predictions of how microbial metabolites ought to change as a function of decreasing p (right to left in Fig. 1 ). The sequence of trends in Fig. 5 is typical for what we found at most sites and most sample dates, and is broadly consistent with our thermodynamic expectations (spe-LARS O. HEDIN ET AL. (1400) cific predictions are evaluated below). Electron acceptors changed dramatically from near-stream to inland environments, following the sequence: reduction in O 2 , followed by reduction in NO 3 Ϫ and N 2 O, followed by reduction in SO 4 2Ϫ ( Fig. 5A-C) . Electron donors increased along the same gradient: accumulation in DOC, followed by accumulation in NH 4 ϩ , followed by accumulation in CH 4 (Fig. 5A-C) . Thus, forms of dissolved inorganic N changed steeply across the soilstream interface so that oxidized forms (i.e., NO 3 Ϫ and N 2 O) were high in near-stream environments while the reduced form (i.e., NH 4 ϩ ) persisted in inland environments. Dissolved N 2 O contributed up to 7.2% of total dissolved inorganic N at our sites (X ϭ 1.5%; n ϭ 167 samples).
In Table 2 we examine whether the trends in Fig. 5 were generally applicable to all study sites and all sample events. Specifically, we summarize whether the observed gradients in electron donors and acceptors (as described by LOWESS fits; Fig. 4 ) followed our different thermodynamic predictions. Our results show strong and consistent support for predictions 1 to 5, with observed sequences of trends differing significantly (P Ͻ 0.05; Z test) from the null hypothesis of equal probability for the locations of trends in each different electron donor or acceptor. In fact, the observed trends failed to follow our predictions on only very few occasions: 4 of 62 transects did not support prediction 1, while 2 of 23 transects did not support prediction 2. However, for prediction 6 the sequence of observed trends did not differ significantly (P Ͼ 0.05; Z test) from our null expectation.
We also analyzed for correlations between different electron donors and acceptors based on the Ͼ1400 individual samples of subsurface waters from all 11 sample areas and all 64 sample events. This analysis revealed several strong and predictable relationships (Figs. 6 and 7): First, we found a strict inverse relationship between NH 4 ϩ -N and NO 3 Ϫ -N (Fig. 6A) , with a virtual lack of any samples with NH 4 ϩ and NO 3 Ϫ coexisting at levels Ͼ0.2 mg/L. Second, we found a highly predictable, yet more complex, relationship between SO 4 2Ϫ and NO 3 Ϫ (Fig. 6B) . High levels of NO 3 Ϫ occurred only in subsurface waters that already contained high (Ͼ20 mg/L) levels of SO 4 2Ϫ . Third, we found a strong and positive linear correlation (r 2 ϭ 0.88; P Ͻ 0.001; n ϭ 167) between N 2 O and NO 3 Ϫ in subsurface waters from Fields 1 and 2 (Fig. 7A ). This close link between N 2 O and NO 3 Ϫ was also apparent in our analyses of solute trends across soil-stream interfaces, with high levels of both N 2 O and NO 3 Ϫ in near-stream environments (Fig. 5A) . Fourth, we found strong and inverse relationships between oxidized forms of N (i.e., NO 3 Ϫ and N 2 O) and DOC ( Fig. 7B  and C) . Closer examination of these relationships revealed that N 2 O and NO 3 Ϫ only accumulated or persisted in subsurface waters that contained low levels of DOC (Ͻ2 mg/L). Conversely, subsurface waters with DOC at levels Ͼ4 mg/L never showed any accumulation of N 2 O-N above 0.6 g/L, or of NO 3 Ϫ -N above 0.3 mg/L.
Vertical trends in subsurface water chemistry
While our information is limited to NO 3 Ϫ , SO 4 2Ϫ , and DOC in Field 1, our results show that the chemistry of subsurface waters also varied strongly with depth of soils or sediments (Fig. 8) . These vertical variations Error bars signify Ϯ1 SE (n ϭ 3 samples). Missing values signify lack of adequate mass of N (i.e., Ͻ40 mol) for isotopic analysis.
were manifested as a gradual weakening in the strength of the horizontal concentration trend of each solute as a function of depth. For example, the decline in SO 4 2Ϫ between near-stream and inland environments was steep at 20-cm depth, weaker at 40-cm depth, and was completely lost at 100-cm depth (Fig. 8B) . In contrast to SO 4 2Ϫ , the horizontal trends in NO 3 Ϫ and DOC changed more gradually as a function of depth ( Fig.  8A and C) .
Trends in ␦ 15 N isotope abundances
The ␦ 15 N isotopic values of total soil N (0-45 cm depth) ranged between 4.1 and 9.9‰ (n ϭ 13; Fig. 9A ) within Fields 1 and 2. While average ␦ 15 N values for subsurface NH 4 ϩ (8.2‰; n ϭ 32; 13 transects) and NO 3 Ϫ (7.3‰; n ϭ 45; 13 transects) were within the range measured for total soil N, individual ␦ 15 N measures were substantially outside this range (Fig. 9B and  C Ϫ occurred immediately inland of the peak in NO 3 Ϫ concentrations on 10 out of 13 sample dates, corresponded with the location of the NO 3 Ϫ peak on an additional 2 dates, and occurred between the stream and the NO 3 Ϫ peak on only 1 single date. This pattern of elevated ␦ 15 N-NO 3 Ϫ immediately inland of the NO 3 Ϫ peak is illustrated graphically in Fig. 10 , in which we summarize three consecutive sample events during a period of stable chemistry from July to November. In contrast to NO 3 Ϫ , we could not find any systematic spatial or seasonal pattern to the observed variations in ␦ 15 N of NH 4 ϩ . The lack of ␦ 15 N values for NO 3 Ϫ at distances Ͼ120 cm and for NH 4 ϩ at distances Ͻ120 cm in Fig. 10 are due to N levels less than the 40 mol required for isotopic analysis.
Temporal vs. spatial variations in subsurface chemistry
While electron donors and acceptors showed strong and predictable trends within soil-stream interfaces of Smith Creek, the exact location and magnitude of these patterns varied over time. events during November 1991-October 1993), showed that 26% of total variance (P Ͻ 0.001; df ϭ 5) was explained solely by horizontal trends along sampling transects (i.e., between-row variability) as displayed in Fig. 5 . Only 0.5% of total variance (P Ͼ 0.71; df ϭ 3) was explained by between-transect variability, indicating that horizontal trends generally were very similar among replicate transects. Temporal variations alone (between sample events) could explain 11% of total variance (P Ͻ 0.001; df ϭ 36). The interaction effect between transects and time explained an additional 23% of total variance (P Ͻ 0.001; df ϭ 180), indicating that the location and shape of horizontal trends along transects changed significantly over time. Results for SO 4 2Ϫ and DOC were qualitatively similar to those of NO 3 Ϫ . Our analyses of locations of the ''transition midpoint'' for gradients of NO 3 Ϫ and SO 4 2Ϫ along the soilstream interface (Fig. 11A) revealed extended periods during which the location of both gradients changed little (e.g., January-June of 1992 for SO 4 2Ϫ ), periods of gradual change in locations of gradients (e.g., JuneNovember of 1992 for NO 3 Ϫ ), and shorter periods of rapid change in the location of one or both of the gradients (e.g., December 1992-March 1993). The NO 3 Ϫ gradient appeared to have a seasonal component, with the ''transition midpoint'' moving closer to the stream during fall and early winter, and remaining inland during late winter and spring (Fig. 11A) . To explore whether these temporal variations in location of redox gradients might be linked to hydrologic variations, we contrasted two equally long periods (January-July) with similar temperature conditions but markedly different hydrologic variability (Fig. 11B) . Period 1 (low variability) had only 3 days with discharge exceeding the 90th percentile for daily discharge rates over the 2-yr period of this study. Period 2 (high variability) had 40 days that exceeded the 90th percentile discharge rate. Trends in NO 3 Ϫ and SO 4 2Ϫ were well developed and more stable (particularly for SO 4 2Ϫ ) during the hydrologically less variable period 1 (Fig. 11A ). In contrast, we found a complete loss of the SO 4 2Ϫ gradient (identified by open arrows in Fig. 11 ) and enhanced temporal variations in the NO 3 Ϫ gradient during the hydrologically more variable period 2.
Experimental carbon fertilization
For all experimental DOC additions, we found no significant differences (P Ͼ 0.05; t test) between observed concentrations in Cl Ϫ vs. concentrations predicted to occur solely from dilution by the injection solution (Table 3 ). For example, in Fig. 12A we show the close correspondence (P Ͼ 0.05; t test; n ϭ 13 sample events) between predicted and observed Cl Ϫ that persisted throughout the 30-d DOC addition at location B2. In contrast, we found that DOC additions caused strong reductions of NO 3 Ϫ in subsurface waters, to levels that were significantly (27-81%; P Ͻ 0.05; t test) below those predicted solely on the basis of dilution (Table 3 ). In Fig. 12B we show that NO 3 Ϫ declined immediately following DOC enrichment at location B2, and that throughout the experiment NO 3 Ϫ -N was reduced by 80% from the expected mean level of 1.5 mg/L (1 SE ϭ 0.08; n ϭ 13) to the observed mean of 0.28 mg/L (1 SE ϭ 0.04; n ϭ 13). However, the response in NO 3 Ϫ was not always so immediate.
Reduction in NO 3
Ϫ at site C2 increased gradually from 0% on day 1 to 52% on the final day of the experiment (day 11), and averaged 31% throughout the experiment (P Ͻ 0.05; t test; n ϭ 7; Table 3 ). In contrast, we found no statistically significant (P Ͼ 0.05; t test; n ϭ 12) NO 3 Ϫ reduction in response to 22 d of DOC addition at location A2.
The experimental DOC additions also caused strong declines (41-77%) in dissolved N 2 O in three out of four sample wells (Table 3) . We cannot, however, assign statistical significance to these reductions since we sampled for N 2 O only on three occasions (before, during, and after the experiment) and our design was 
Predicted therefore not adequately replicated. The measured reductions were nevertheless large, as exemplified by reduction in N 2 O-N from the expected level of 44 to 10 g/L in the 20-cm-deep well at site B2. We interpret the return of dissolved N 2 O to approximately pre-experiment levels once the DOC addition was ended as further evidence that, despite lack of adequate statistical evidence, DOC had a real effect on N 2 O.
DISCUSSION
Our study of Smith Creek supports the idea that narrow regions of terrestrial-aquatic interfaces can serve as focal points for nutrient transformations within landscapes. Our results indicate that the biogeochemical significance of such regions is caused by the intersection of two steep gradients: (1) a thermodynamic gradient between oxidized near-stream environments and reduced inland environments, and (2) a hydrologic gradient between rapid upwelling of deeper water in areas near the stream and less rapid transport of shallow soil water from inland environments toward the stream. This intersection appears to be central to understanding how soil-stream interfaces function within landscapes since it defines regions where high potential for biogeochemical activity (due to close proximity of electron donors and acceptors) coincides with rapid transport of subsurface water from terrestrial to aquatic ecosystems. It is at or near this intersection that we found evidence for important N transformations, including an exceptionally strong potential for denitrification.
The observation that soil-stream interfaces are biogeochemically highly variable environments is by no means new (e.g., Hill 1990 , Dahm et al. 1991 , Hendricks and White 1991 , Jones et al. 1995a , Groffman et al. 1996 , Hill 1996 , Jones and Holmes 1996 , yet the factors that control this variability have remained elusive. Our results from Smith Creek illustrate that this variability can be a predictable outcome of the interaction between thermodynamic constraints on microbial communities and supplies of electron donors and acceptors via subsurface flow paths. Our results show that a thermodynamic perspective can enhance our understanding of mechanisms of nutrient transformations, and can thus improve our ability to predict how soil-stream interfaces function as biogeochemical systems. We propose that in many landscapes the sustained ability of soil-stream interfaces to remove NO 3 Ϫ by denitrification ought to be controlled by the supply of oxidizable dissolved organic carbon (DOC) (as electron donor) to narrow regions at the soil-stream interface.
Thermodynamic controls on biogeochemical
patterns and microbial processes The most general conclusion of this study is that a thermodynamic approach can aid our understanding of N TRANSFORMATIONS IN RIPARIAN WETLANDS how soil-stream interfaces function as biogeochemical systems. Despite strong spatial and temporal variability, we found that distributions of electron donors and acceptors remained organized in a highly predictable thermodynamic sequence with distance from the stream and with depth of soils/sediments (Figs. 5 and 8 and Table 2 ). From this we conclude that contributions of different microbial transformations followed our predictions in Fig. 1 from near-stream to inland environments: aerobic respiration, denitrification, nitrification, sulfate reduction, and methanogenesis. The biogeochemical consequences of such thermodynamic sequences have been studied in lake or marine sediments Morgan 1981, Howarth 1993) and in groundwaters (Chapelle and Lovely 1992 ), yet their role in controlling element transformations within soilstream interfaces remains largely unexplored.
The lack of clear support for prediction 6-that SO 4 2Ϫ concentrations ought to decrease before CH 4 increasesmay reflect insufficient precision of the LOWESS technique to evaluate this prediction, particularly since both SO 4 2Ϫ and CH 4 are expected to change in close proximity to each other (Fig. 1) . In addition, the presence of microenvironments of differing redox state (e.g., inside vs. outside soil particles) has been found to promote the cooccurance of sulfate reduction and methanogenesis (Howarth 1993 ). Yet despite this lack of statistical significance, all five transects that we evaluated showed strong decreases in SO 4 2Ϫ and strong increases in CH 4 along the stream-to-inland gradient-a pattern that qualitatively follows prediction 6 and Fig. 1 .
Correlation analysis based on all individual samples from all soil-stream interfaces provided further evidence that thermodynamic constraints were a primary determinant for patterns of variation in subsurface water chemistry. Because NH 4 ϩ and NO 3 Ϫ do not coexist at significant levels in environments that are at or near thermodynamic equilibrium (Fig. 1) , we interpret the mutually exclusive relationship between NH 4 ϩ and NO 3 Ϫ (Fig. 6A ) as supporting the idea that redox gradients provided the dominant control on forms of inorganic nitrogen within soil-stream interfaces of Smith Creek (cf. similar patterns described in and McClain [1994] ). The area of active nitrification, where NH 4 ϩ and NO 3 Ϫ coexist out of equilibrium, must therefore be limited to a zone that is spatially so narrow that it is rarely sampled, and/or nitrification must be rapid enough for the conversion from NH 4 ϩ to NO 3 Ϫ to nearly always be complete. In both cases, individual samples of subsurface water would be dominated either by NH 4 ϩ or NO 3 Ϫ depending on whether or not O 2 is present as an electron acceptor to permit nitrification.
Our results do not support the contention that NH 4 ϩ gradients across riparian zones are steeper in tropical than in temperate-zone forested or agricultural landscapes . In fact, we found a greater range in NH 4 ϩ -N concentrations (0-3.4 mg/L; Fig 6A) ϩ . Yet, the low C:N ratio (ϳ14) of soil organic matter, and the similarity of 15 N signatures of total soil N and dissolved NH 4 ϩ (Fig. 9) , suggest mineralization as an important source for NH 4 ϩ . The more complex statistical relationship between NO 3 Ϫ and SO 4 2Ϫ ( Fig. 6B) is consistent with the preferential use of NO 3 Ϫ over SO 4 2Ϫ as electron acceptor during microbial metabolism (our prediction 1) in that significant reduction in SO 4 2Ϫ did not occur unless NO 3 Ϫ -N was first reduced to less than ϳ0.2 mg/L. As a result, NO 3 Ϫ -N varied strongly in subsurface waters (range: 0-3.8 mg/L) while SO 4 2Ϫ typically remained near groundwater levels (range: ϳ20-30 mg/L), except for inland environments in which NO 3 Ϫ had first been strongly depleted.
Moreover, our correlation analyses pointed to a link between the N cycle and supplies of electron donors in the form of DOC. Dissolved N 2 O and NO 3 Ϫ showed very similar spatial and temporal variations within the soil-stream interfaces (Fig. 7A) . Perhaps more striking were the strong and inverse relationships that existed between these oxidized forms of N (NO 3 Ϫ and N 2 O) and DOC ( Fig. 7B and C) , suggesting that oxidized N forms only accumulated in environments with low supplies of DOC. The biogeochemical implications of this apparent link between DOC and dissolved forms of N are further explored in Carbon control on denitrification, below.
Transformations of N
Our measures of N chemistry point to the nearstream area as a potentially important ''control-point'' for N transformations. First, the strong accumulation of N 2 O within Ͻ40 cm of the soil-stream boundary indicates the presence of denitrification, nitrification, or a combination of both processes in this region (Firestone and Davidson 1989) . Second, the steep gradients in NH 4 ϩ and NO 3 Ϫ immediately inland of the soilstream boundary point to the immediate near-stream region as a thermodynamically favorable area for N transformations. Trends in NO 3 Ϫ -N were particularly steep and could range from Ͼ3 mg/L to below our detection limit over distances of Ͻ1 m.
In the absence of strong isotopic differences between sources, natural ␦ 15 N abundances can be used to understand mechanisms, location, and kinetics of dominant N transformations (Macko and Ostrom 1994, Nadelhoffer and Fry 1994) . Microbial denitrification is associated with strong isotopic fractionation (about ϩ30‰; Blackmer and Bremner 1977 , Vogel et al. 1981 , Nadelhoffer and Fry 1994 (Figs. 9 and 10B ) and an instantaneous fractionation factor (␣) of ϩ30‰ for denitrification (Blackmer and Bremner 1977, Vogel et al. 1981) , we calculate that the observed natural abundances of between ϩ15 to ϩ34‰ (Figs. 9 and 10B) were associated with losses of up to 30-60% of original NO 3
Ϫ by the mechanism of denitrification. We conclude that denitrification was rapid enough, relative to hydrologic supply of NO 3 Ϫ , to significantly deplete NO 3 Ϫ within this region of the soil-stream interface. In contrast, ␦ 15 N-NO 3 Ϫ was typically not elevated in the high-NO 3 Ϫ waters immediately at or near the stream (Fig. 10B) , indicating that hydrologic NO 3 Ϫ transport dominated over denitrification losses in this region due to ''short-circuiting'' of riparian N retention.
We did not find evidence for highly localized effects of nitrification on natural ␦ , as would be expected if the observed trends in N chemistry were controlled solely by nitrification. We therefore conclude that nitrification was either less localized or generally less important than denitrification in defining N transformations within our soil-stream interfaces.
Carbon control on denitrification
We interpret the observation that NO 3 Ϫ and N 2 O only accumulated in waters with low DOC as support for the hypothesis that denitrification of NO 3 Ϫ and N 2 O to dinitrogen gas (N 2 ) was primarily limited by carbon supply (i.e., electron donor limitation) to near-stream environments in Smith Creek. Studies of high-NO 3 Ϫ groundwater systems have similarly suggested that denitrification can be limited by carbon supply (e.g., Bradley et al. 1992, Starr and Gillham 1993) . In addition to our indirect evidence, we found direct experimental support for this hypothesis in that our additions of oxidizable forms of carbon (acetate, propionate, and succinate) to near-stream environments caused substantial reductions in NO 3 Ϫ and N 2 O in three out of four sample wells. Differences between wells in the timing and extent of response to DOC enrichment may have resulted from local-scale variations in chemical environments (e.g., p) or in size or activity of populations of denitrifying bacteria.
Experimental DOC additions induced remarkable increases in NO 3 Ϫ removal within soil-stream interfaces at Smith Creek. Based on in situ measures of hydraulic conductivity (6.9 ϫ 10 Ϫ3 cm/s), hydraulic gradients (ca. Ϫ0.25 cm/cm), and the measured reduction in NO 3 Ϫ due to DOC addition (Fig. 12B) , we calculate that removal of NO 3 Ϫ -N increased by as much as 1.8 g·m Ϫ2 ·d Ϫ1 . This rate is equivalent to 6600 kg·ha Ϫ1 ·yr
Ϫ1
when expressed on a per hectare basis (note that this rate only applies to the biogeochemically active sediments in the riparian zone), which is two orders of magnitude greater than other values expressed as kilograms per hectare per year of biogeochemically active ''riparian zone'' (10-39 kg·ha Ϫ1 ·yr
; Lowrance et al. 1995) . We conclude that with adequate supplies of oxidizable carbon to the right location, near-stream areas can possess a remarkable potential for NO 3 Ϫ removal from subsurface waters. In fact, removal rates were rapid enough in the transect-B experiment to change NO 3 Ϫ -N concentrations from 1.5 mg/L to as low as a few tenths of a milligram per liter over as little as 20 cm of flow path.
Link between hydrology and thermodynamics
Our results suggest that the biogeochemical function of soil-stream interfaces at Smith Creek resulted, to a great degree, from the interaction between thermodynamic constraints on microbial metabolism and different hydrologic flow paths. Energy-rich electron donors (DOC, CH 4 , and NH 4 ϩ ) were delivered to the nearstream area via shallow flow paths (path B in Fig. 2B ) that originated in close proximity to organic-rich horizons in inland soils. In contrast, electron acceptors were delivered via oxidized groundwater that was rich in NO 3 Ϫ and SO 4 2Ϫ (e.g., path A in Fig. 2B ). It is this confluence of electron donors and acceptors that creates the biogeochemical potential of these soil-stream interfaces; microbial communities respond by using the resulting redox gradient to derive energy for growth. Our results suggest that the redox gradient was only moderately sensitive to hydrologic or seasonal varia-N TRANSFORMATIONS IN RIPARIAN WETLANDS tions since, throughout 2 yr in Field 2, it only completely disappeared during a brief winter period and was weakened during a period of unusually high hydrologic variability (Fig. 11) .
General function of soil-stream interfaces
It is difficult to generalize from this study since we considered a limited number of locations along a single stream. Nevertheless, our basic thermodynamic and hydrologic approach is likely to aid in the identification of mechanisms that maintain the biogeochemical structure and function of soil-stream interfaces at other locations, too.
For Smith Creek, we found that denitrification did not consume all NO 3
Ϫ that reached the soil-stream interface (cf. Figs. 5 and 12) . Thus, our study sites provide an example of riparian habitats that can influence, but not fully control, fluxes of inorganic N across the terrestrial-aquatic interface. We propose that the effectiveness of denitrification as a mechanism for N retention depends critically on whether microbial denitrification reactions are thermodynamically favored in riparian environments with rapid throughput of terrestrially derived water. Such hydrologically active regions function within landscapes as conduits that connect watershed processes and the chemistry of surface waters. We propose that the sustained ability of soil-stream interfaces to remove NO 3 Ϫ via denitrification is likely to depend on three dominant factors: (1) the spatial location of ''conduit'' areas with high hydrologic throughput, (2) whether the local redox environment promotes rapid denitrification in these hydrologically active areas, and (3) the rate of supply of oxidizable carbon from inland environments to these hydrologically active areas. Other studies have proposed that a similar redox interface may occur at the interface between uphill soils and the beginning of the riparian zone (e.g., Gilliam 1985b, Lowrance 1992) ; the effectiveness of denitrification at this interface ought to follow the same general factors as we propose for the soil-stream interface.
We expect the type of limitation on denitrification to change as a function of the ratio between supplies of oxidizable DOC vs. NO 3 Ϫ , with carbon limiting at low ratios and NO 3 Ϫ limiting at high ratios of DOC to NO 3
Ϫ . This means that it can be difficult to unequivocally determine whether DOC or NO 3 Ϫ limits denitrification in areas with steep redox gradients, such as across soil-stream interfaces. While NO 3 Ϫ removal by denitrification can be carbon limited in near-stream environments, as we found in this study, denitrification is likely to be simultaneously limited by NO 3 Ϫ in the more DOC-rich inland environments of soil-stream transects. Yet our study suggests that DOC limitation should be of greatest applied significance for understanding the ability of soil-stream interfaces to remove NO 3 Ϫ via denitrification. That is, regions with high hydrologic throughput of NO 3 Ϫ will by thermodynamic necessity be rich in electron acceptors, and therefore most likely limited by DOC. It should be possible to predict how different soilstream interfaces function within landscapes solely based on relatively straightforward thermodynamic and hydrologic analyses. Hydrologically active areas that are in close proximity to environments that export electron donors (e.g., wetlands or organic histosols) probably possess the strongest ability to buffer dissolved N losses from agricultural or other sources. However, the idea of actively managing N losses from soil-stream interfaces by directly supplying oxidizable DOC may be difficult and associated with negative effects on downstream ecosystems. Enhancement of DOC delivery via passive management, such as the promotion of wetlands and/or organic-rich soils, may be a more reasonable approach.
